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Abstract

It is now standard in economics to model natural resources as a special
form of capital that can be depleted or accumulated. The following
review shows how such an approach can be extended to ecosystems,
implying that they are a form of natural asset that produces a flow of
beneficial goods and services over time. The review includes a discus-
sion of valuing ecosystem services, focusing on the problem of benefits
that vary spatially across landscapes and illustrated with the exam-
ple of coastal ecosystems. The starting point of the basic natural asset
model is the assumption that any ecological landscape that is conserved
must compete with other assets in the portfolio of wealth owners in the
economy. The model shows the importance of valuing ecosystem ser-
vices to the optimal allocation of landscape among competing uses.
It includes the possibility of an ecological transition, when it becomes
technologically feasible to restore developed land as ecological land-
scape. The basic model is then extended to allow for the value of an
ecosystem service and the costs of maintaining this service to vary with
the spatial distance across the natural landscape; for the implications
when the economy is opened to trade; and finally, for examining the
effects of the risk of ecological collapse.
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1
Introduction

An important contribution of natural resource economics has been to
treat the natural environment as a form of capital asset (Clark and
Munro, 1975; Dasgupta and Heal, 1974, 1979; Scott, 1955; Smith, 1968).
The more recent literature on ecosystem services implies that these
environmental systems can also be viewed as natural assets that pro-
duce a flow of beneficial goods and services over time (Barbier, 2007;
Daily, 1997; Heal et al., 2005; Millennium Ecosystem Assessment, 2005;
Pagiola et al., 2004; World Resources Institute, 2001). The purpose of
the following review is to explore this literature and related model-
ing to show explicitly how the concept of ecosystems as natural assets
translates into the traditional “natural capital” approach of resource
economics.

An immediate barrier to such an approach is that, in ecology, the
concept of an ecosystem has been difficult to define or to measure quan-
titatively (O’Neill, 2001; Pickett and Cadenasso, 2002). However, some
ecologists suggest that most ecological processes are influenced by the
spatial extent, or landscape, that defines the boundary of the system
(Bockstael, 1996; O’Neill, 2001; Perry, 2002; Pickett and Cadenasso,
1995, 2002; Turner, 2005; Zonneveld, 1989). As shown in this review, by
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adopting ecological landscape, or land area, as the basic unit, modeling
the ecosystem as a natural asset is relatively straightforward. Integrated
economy-ecosystem models have started using a similar starting point,
to examine human transformation of an ecological landscape through
land use conversion, leaving the residual land for ecological processes
and habitat for species (Brock and Xepapadeas, 2002; Eichner and
Pethig, 2006; Finnoff et al., 2008; Tschirhart, 2000). But whereas these
integrated models focus on modeling the complex ecological processes
and feedback effects on multiple ecosystem services that arise through
land conversion, the approach in the following review is to adopt a much
simpler model of land use change. Such models of competing land use
have been employed in many contexts to analyze the allocation of land
between alternative uses (Amacher et al., 2009; Barbier and Burgess,
1997; Benhin and Barbier, 2001; Crocker, 2005; Hartwick et al., 2001;
McConnell, 1989; Parks, 1995; Parks et al., 1998; Rowthorn and Brown,
1999; Stavins and Jaffe, 1990).

In applying competing land use models to ecosystems, the starting
point is the assumption that the amount of an ecological landscape
that is preserved must compete with other assets in the portfolio of
wealth owners in the economy. The remaining landscape area yields a
flow of ecosystem services, which have value but are non-marketed. The
first version of the basic model considers a one-time irreversible devel-
opment of the landscape. Land that is converted and developed has a
market value, and the rate of appreciation of land awaiting development
must equal the opportunity cost of the land investment, which includes
an adjustment for the ratio of the value of ecosystem services to the
capital value of the developed land. This basic model is extended to
the case of continuous conversion of the ecological landscape over time,
taking into account the costs of converting land and any capital gains
from increases in the value of unconverted land. The model is solved to
show the conditions under which a positive amount of ecosystem land
is conserved rather than converted to commercial use. Finally, the basic
model examines the case of a possible ecological transition, whereby it
becomes technologically feasible to restore developed land as ecologi-
cal landscape, leading to a new phase of land use in which ecological
restoration occurs.
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Three further extensions to the natural asset model are developed
in this review.

The first extension examines the case in which both the value of an
ecosystem service and the costs of maintaining this service vary with
the spatial distance across the natural landscape of an ecosystem. This
geographical variation may be due to the biophysical functioning of the
ecosystem that generate different services at different locations across
the landscape, and also due to the higher costs incurred of maintaining
a larger landscape area. Allocating natural landscape now becomes a
spatial problem. To avoid landscape conversion, at each location the
marginal willingness to pay for the ecosystem services must be suf-
ficiently large to offset the maintenance cost of those services at that
location and the marginal opportunity cost of foregone rents from devel-
oping the entire landscape. This condition is less likely to hold if there
is any “spatial” discounting effect due to the unidirectional decline of
ecological functions across the landscape.

The second extension looks at the implications to the model when
the economy is opened to trade. It is shown that rising terms of trade
lead to two opposite effects. There will be increased land conversion as
exports of the marketed production from converted land become more
profitable. However, if imports are a substitute for domestic consump-
tion of the marketed output, then there is less pressure to increase land
conversion. Thus the impacts on the amount of ecosystem land con-
served are ambiguous, as are the effects on overall welfare. In compar-
ison, an international transfer, in the form of payment for ecosystem
services, slows down the initial conversion of natural landscape, and
encourages more landscape conversion in the long run.

The last extension examines the vulnerability of the ecosystem to
collapse as land conversion proceeds. Following Reed and Heras (Reed
and Heras, 1992) the risk of ecosystem collapse is modeled as a hazard
rate function, where the hazard rate is defined as the probability at any
time t that the ecosystem will collapse given that it has not collapsed
up until that time period. The stochastic optimization problem is con-
verted to a more tractable deterministic control problem and solved for
the conditions determining the risk of collapse.
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The outline of the review is as follows. Section 2 discusses ecosystem
services and ecological landscapes as the basis of representing ecosys-
tems as a natural asset. Simple two-period diagrammatic examples
of the conversion of an area of coastal zone to commercial develop-
ment are used to illustrate the basic concepts and issues. The section
ends with the example of valuing ecosystem services of mangroves in
Thailand to show how such valuation can influence both the decision
to convert mangrove landscapes to shrimp aquaculture and whether
or not to restore mangrove ecosystems after shrimp ponds are aban-
doned. Section 3 develops the basic natural asset model of an ecosystem
by employing the competing land use model. The first version of the
model considers a one-time irreversible development of an ecological
landscape. The second version examines continuous conversion of the
ecological landscape over time, and is extended to allow for an ecological
transition where restoration is feasible. Section 4 begins by returning
the example of coastal landscapes and discusses ecological evidence
that the basic functions of these systems are spatially variable. Evi-
dence of spatial heterogeneity of landscapes is explored further, with
the example of non-linear wave attenuation across a mangrove land-
scape that affects the value of the coastal protection service and how it
affects the mangrove-shrimp farm competing use problem in Thailand.
The section ends by demonstrating how a spatial model of allocating
natural landscape can be developed to incorporate some of these fea-
tures of geographical variation of ecological functions. Section 5 revisits
the basic natural asset model of competing uses of an ecological land-
scape and extends it to an open economy setting. The extension allows
for consideration of trade interventions versus international payments
for ecosystem services as incentives for greater ecosystem conservation.
Section 6 extends the basic model to consider the problem of ecolog-
ical collapse, and shows that more of the ecological landscape will be
preserved compared to when the threat of collapse is absent. Section 7
concludes the review.



2
Ecosystem Services and Ecological Landscapes

2.1 What are Ecosystem Services?

Broadly defined, “ecosystem services are the benefits people obtain
from ecosystems” (Millennium Ecosystem Assessment, 2005, p. 53).
Such benefits are typically described by ecologists in the following
manner: “Ecosystem services are the conditions and processes through
which natural ecosystems, and the species that make them up, sus-
tain and fulfill human life. . . . In addition to the production of goods,
ecosystem services are the actual life-support functions, such as cleans-
ing, recycling, and renewal, and they confer many intangible aesthetic
and cultural benefits as well.” (Daily, 1997, p. 3). Thus in the current
literature the term “ecosystem services” lumps together a variety of
“benefits”, which in economics would normally be classified under three
different categories: (i) goods (e.g., products obtained from ecosystems,
such as resource harvests, water and genetic material), (ii) services
(e.g., recreational and tourism benefits or certain ecological regula-
tory functions, such as water purification, climate regulation, erosion
control, etc.), and (iii) cultural benefits (e.g., spiritual and religious,
heritage, etc.).
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Regardless how one defines and classifies ecosystem services, as a
report from The US National Academy of Science has emphasized, “the
fundamental challenge of valuing ecosystem services lies in providing
an explicit description and adequate assessment of the links between
the structure and functions of natural systems, the benefits (i.e., goods
and services) derived by humanity, and their subsequent values” (Heal
et al., 2005, p. 2). Moreover, it has been increasingly recognized by
economists and ecologists that the greatest “challenge” they face is in
valuing the ecosystem services provided by key ecosystem regulatory
and habitat functions. Table 2.1 provides some examples of the links

Table 2.1. Some services provided by ecosystem regulatory and habitat functions.

Ecosystem functions
Ecosystem processes and

components Ecosystem services (benefits)

Regulatory Functions
Gas regulation Role of ecosystems in

biogeochemical processes
Ultraviolet-B protection

Maintenance of air quality
Influence of climate

Climate regulation Influence of land cover and
biologically mediated
processes

Maintenance of temperature,
precipitation

Disturbance prevention Influence of system structure
on dampening
environmental disturbance

Storm protection Flood
mitigation

Water regulation Role of land cover in
regulating runoff, river
discharge and infiltration

Drainage and natural
irrigation Flood mitigation
Groundwater recharge

Soil retention Role of vegetation root matrix
and soil biota in soil
structure

Maintenance of arable land
Prevention of damage from
erosion and siltation

Soil formation Weathering of rock and
organic matter
accumulation

Maintenance of productivity
on arable land

Nutrient regulation Role of biota in storage and
recycling of nutrients

Maintenance of productive
ecosystems

Waste treatment Removal or breakdown of
nutrients and compounds

Pollution control and
detoxification

Habitat Functions
Niche and refuge Suitable living space for wild

plants and animals
Maintenance of biodiversity

Maintenance of beneficial
species

Nursery and breeding Suitable reproductive habitat
and nursery grounds

Maintenance of biodiversity
Maintenance of beneficial
species

Source: Adapted from Heal et al. (2005, Table 3.3).
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between regulatory and habitat functions and the ecosystem services
that ultimately benefit humankind.

2.2 Ecosystems as Natural Assets

The literature on ecological services implies that ecosystems are assets
that produce a flow of beneficial goods and services over time (Barbier,
2007; Daily, 1997; Heal et al., 2005; Millennium Ecosystem Assessment,
2005; Pagiola et al., 2004; World Resources Institute, 2001). In this
regard, they are no different from any other asset in an economy, and
in principle, ecosystem services should be valued in a similar manner.
That is, regardless of whether or not there exists a market for the goods
and services produced by ecosystems, their social value must equal the
discounted net present value (NPV) of these flows.

But the concept of an ecosystem is highly multi-dimensional and
difficult to define or measure quantitatively (O’Neill, 2001; Pickett and
Cadenasso, 1995). Recent developments in landscape ecology, however,
suggest that the basic unit of most ecological processes is spatial and is
synonymous with the land or natural landscape that defines the bound-
ary of the system (Bockstael, 1996; O’Neill, 2001; Perry, 2002; Pickett
and Cadenasso, 1995, 2002; Tsur and Zemel, 1994; Zonneveld, 1989).
As summarized by Bockstael (1996, p. 1169) the implications for eco-
nomic modeling of ecosystem processes and services are clear: “because
landscape pattern and ecological processes are closely linked . . . land
use change at one scale or another is perhaps the single greatest factor
affecting ecological resources.” In other words, as there are “reciprocal
interactions between spatial pattern and ecological processes” (Turner,
2005, p. 319), it is the spatially heterogeneous area of landscape that
is fundamental to the flow of beneficial goods and services that we now
recognize as ecosystem services. If for each ecosystem we can define its
corresponding landscape in terms of a quantifiable “land unit”, which
is defined as “a tract of land that is ecologically homogeneous at the
scale level concerned” (Zonneveld, 1989, p. 68), then we have a repre-
sentation of an ecosystem as a natural asset in the form of this unit of
land, or ecological landscape.
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For example, let us suppose that the flow of ecosystem services in
any time period t, can be quantified and that we can measure what
each individual is willing to pay for having these services provided to
him or her. If we sum up, or aggregate, the willingness to pay by all
the individuals benefiting in each period from the ecosystem services,
we will have a monetary amount — call it Bt — which indicates the
social benefits in the given time period t of those services. Hopefully,
there will be a stream of such benefits generated by ecosystem services,
from the present time and into the future. Because society is making a
decision today about whether or not to preserve ecosystems, we want
to consider the flow of benefits of these services, net of the costs of
maintaining the natural ecosystems, in terms of their present value. To
do this, any future net benefit flows are discounted into present value
equivalents. In essence, we are treating natural ecosystems as a special
type of capital asset — a kind of “natural wealth” — which just like
any other asset or investment in an economy is capable of generating a
current and future flow of income or benefits.

Compared to conventional economic or financial assets, environmen-
tal assets are subject to special measurement problems.

For one, these assets and services are a special type of “natural” cap-
ital (Just et al., 2004, p. 603). Ecosystems comprise the abiotic (nonliv-
ing) environment and the biotic (living) groupings of plant and animal
species called communities. As with all forms of capital, when these two
components of ecosystems interact, they provide a flow of services. If the
ecosystem is left relatively undisturbed, then the flow services from the
ecosystem’s regulatory and habitat functions are available in quantities
that are not affected by the rate at which they are used. Although like
other assets in the economy an ecosystem can be increased by invest-
ment, such as through restoration activities, ecosystems can also be
depleted or degraded, e.g., through habitat destruction, land conver-
sion, pollution impacts and so forth.

Whereas the services from most assets in an economy are mar-
keted, the benefits arising from the regulatory and habitat functions
of ecosystems generally are not. If the aggregate willingness to pay
for these benefits, Bt, is not revealed through market outcomes, then
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efficient management of such ecosystem services requires explicit meth-
ods to measure this social value.1 In fact, the failure to consider the
values provided by key ecosystem services in current policy and man-
agement decisions is a major reason for the widespread disappearance of
many ecosystems and habitats across the globe (Millennium Ecosystem
Assessment, 2005). The global expansion of human populations and
economic activity are an important cause of this disappearance, due
to among other things, increased demand for land, pollution or over-
exploitation of resources (Kareiva et al., 2007; Millennium Ecosystem
Assessment, 2005; UNEP, 2006; Valiela et al., 2001; Worm et al., 2006).
The failure to measure explicitly the aggregate willingness to pay for
otherwise non-marketed ecological services exacerbates these problems,
as the benefits of these services are underpriced and may lead to exces-
sive land conversion, habitat fragmentation, harvesting and pollution
caused by commercial economic activity undertaken by humans.

Figure 2.1 illustrates the difficulty that the above challenges pose
for managing ecosystems and their natural landscape optimally. In this

$ 

0 At A Natural landscape area, A

tMB

D
tMB

1tMB +

Fig. 2.1 Natural landscape conversion to development.

1 However, standard economic valuation methods can be employed to measure the non-
market value of many ecosystem services. For a review and further discussion, see (Barbier,
2007; Hanley and Barbier, 2009; Heal et al., 2005).
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figure, the example of the conversion of an area of natural coastal land-
scape to commercial development is used.

In Figure 2.1, the marginal social benefits of ecological services at
any time t are represented by the line MBt for a coastal ecosystem of
given area Ā. For the purposes of illustration, this line is assumed to
be downward-sloping, which implies that for every additional square
kilometer of coastal landscape area, A, preserved in its original state,
more ecosystem service benefits will be generated, but at a decreasing
amount. A later section provides evidence supporting this assumption
that marginal ecosystem benefits tend to decline in this way across a
landscape, especially for some important services of coastal landscape
(See Section 4). Note that it is straightforward to determine the aggre-
gate willingness to pay for the benefits of these services, Bt, from this
line; it is simply the area under the MBt line. If there is no other use for
the natural landscape, then the opportunity costs of maintaining it are
zero, and Bt is at its maximum size when the entire coastal ecosystem
is maintained at its original land area size Ā. The ecosystem man-
agement decision is therefore simple; the coastal landscape should be
completely preserved and allowed to provide its full flow of services in
perpetuity.

However, population and economic development pressures in many
areas of the world usually mean that the opportunity cost of maintain-
ing coastal landscape is not zero. The ecosystem management decision
needs to consider these alternative development uses of coastal land-
scape, which should be included in Figure 2.1. For example, suppose
that the marginal social benefits of converting natural ecosystem land
for these development options is now represented by a new line MBD

t in
the figure. Efficient land use now requires that Ā − At of coastal land-
scape should be converted for development leaving At of the original
ecosystem undisturbed.

Both of the outcomes discussed so far assume that the willingness to
pay for the marginal benefits arising from coastal ecosystem services,
MBt, is explicitly measured, or valued. But if this is not the case,
then these non-marketed flows are likely to be ignored in the land use
decision. Only the marginal benefits MBD

t of the marketed outputs
arising from coastal economic development activities will be taken into
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account, and as indicated in the figure, this implies that the entire
ecosystem area Ā will be converted for development.

A further problem is the uncertainty over the future values of coastal
landscape. It is possible, for example, that the benefits of ecosys-
tem services are larger in the future as more scientific information
becomes available over time. For example, suppose that in the sub-
sequent period t + 1 it is discovered that the value of coastal ecosys-
tem services is actually much larger, so that the marginal benefits of
these services, MBt+1, in present value terms is now represented by
the dotted line in Figure 2.1. If the present value marginal benefits
from coastal zone development in the future are largely unchanged,
i.e., MBD

t ≈ MD
t+1, then as the figure indicates, the future benefits of

ecosystem services exceed these costs, and the natural landscape should
be restored to its original area Ā, assuming of course that it is techni-
cally feasible and not excessively expensive to do so. Unfortunately, in
making development decisions today we often do not know that, in the
future, the value of ecosystem services will turn out to exceed devel-
opment benefits. Our simple example shows that, if we have already
made the decision today to convert Ā − At area of the natural land-
scape, then we will have to reverse this decision in the future period
and restore the original coastal ecosystem.

Taking into account that future ecosystem service values are fur-
ther complicated if development today leads to irreversible loss of
natural landscape, or equivalently, ecological restoration of the land-
scape is prohibitively expensive. As pointed out by Krutilla and Fisher
(1985), if environmental assets are irreversibly depleted, their value will
rise relative to the value of other reproducible and accumulating eco-
nomic assets. Such a scenario is likely for unique natural ecosystems
and landscapes that are in fixed supply and are difficult to substitute
for or restore, which implies that the beneficial services provided by
their regulatory and habitat functions will decline over time as these
assets are converted or degraded. Any decision today that leads to irre-
versible conversion therefore imposes a user cost on individuals who
face a rising scarcity value of future ecosystem benefits as a conse-
quence. This user cost should be part of a cost-benefit analysis of a
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D
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Fig. 2.2 Natural landscape conversion to development.

development proposal — but rarely is considered in actual natural
landscape development decisions.

Figure 2.2 illustrates the additional measurement problem arising
from irreversible conversion of fixed ecosystem assets.

As in the original example of Figure 2.1, if only the current benefits,
MBt, and opportunity costs, MBD

t , of maintaining the original ecosys-
tem are considered, then an amount Ā − At of natural landscape area
would be converted today. But suppose that the loss of coastal ecosys-
tem services arising from converting Ā − At causes the value of these
services to rise. However, if ecosystem conversion is irreversible, then
natural landscape area remains at At in time period t + 1. The resulting
decline in welfare for individuals in the future is the user cost of irre-
versible loss of coastal and marine ecosystem services due to conversion
today.2 In Figure 2.2, the marginal user cost of development, measured

2 Formally, let the change in natural landscape area over time be denoted as At+1 − At =
f(dt), where dt represents the influence of development activities (e.g., conversion, degra-
dation, etc.) in time t on the landscape area. If the “shadow value” that an increment of
At+1 would have over the remainder of the time horizon (t + 1, . . . ,T ) is defined as λt+1,
then the expression λt+1∂f/∂dt explicitly reflects the influence of dt on the value of the
change in landscape area over time. If an increase in dt reduces natural landscape area,
then the latter expression indicates the user cost of landscape conversion.
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in present value terms, is represented as the straight line MUCt+1,
which is zero when all the natural landscape is preserved but rises as
more coastal land is converted. The correct land use decision should
take into account this additional cost of irreversible ecosystem conver-
sion due to expansion of coastal zone development today. Deducting
the marginal user cost from MBD

t yields the net marginal benefits of
the development option, MNBD

t . The latter is the appropriate measure
of the opportunity costs of maintaining the ecological landscape, and
equating it with the marginal social benefits of ecosystem services deter-
mines the intertemporally optimal landscape allocation. Only Ā − A∗

t

of coastal ecosystem area should be converted for development leaving
A∗

t of the original coastal ecosystem undisturbed.
Another problem of irreversible natural landscape conversion is that

it can increase the risk of ecological collapse. Ecosystems tend to dis-
play non-convexities manifested through positive feedback interactions,
which imply the presence of ecological thresholds (Batabyal et al., 2003;
Dasgupta and Mäler, 2003; Elmqvist et al., 2003; Holling, 1973; Levin,
1999; May, 1975; Murray, 1993; Perrings, 1998; Pimm, 1984; Scheffer
et al., 2001). That is, large shocks or sustained disturbances to ecosys-
tems can set in motion a series of interactions that can breach ecological
thresholds that cause the systems to “flip” from one functioning state to
another. Although it is possible under certain conditions for the system
to recover to its original state, under other conditions the change might
be permanent. Thus, as (Dasgupta and Mäler, 2003, p. 501) remark,
“if a large damage were to be inflicted on an ecosystem whose abil-
ity to function is conditional on it being above some threshold level (in
size, composition, or whatever), the consequence would be irreversible.”
The inability of an ecosystem to recover, or return, its original state
is essentially what is implied by an ecological collapse. Increasingly,
ecologists have identified natural landscape conversion as one type of
irreversible “large damage” that can increase the threat of ecosystem
collapse (Busing and White, 1993; Dobson et al., 2006; Lotze et al.,
2006; Peterson et al., 1998; Turner et al., 1993).

In Section 3, we incorporate many of the above characteristics of
ecosystems as natural assets to develop a basic model of natural land-
scape allocation. Sections 4 and 5 extend the basic model to allow for
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spatial variation in the provision of an ecological function and open
economy conditions, respectively. Section 6 addresses the issue of the
risk of collapse from irreversible landscape conversion.

The remainder of this section illustrates the importance of valuing
ecosystem services in landscape conversion and restoration decisions
with the example of mangrove loss in Thailand.

2.3 Mangrove Land Use in Thailand

In Thailand, aquaculture expansion has been associated with man-
grove ecosystem destruction. Since 1961 Thailand has lost from 1,500
to 2,000 km2 of coastal mangroves, or about 50–60% of the original
area (FAO, 2003). Over 1975–1996, 50–65% of Thailand’s mangrove
deforestation was due to shrimp farm conversion alone (Aksornkoae
and Tokrisnam, 2004).

Mangrove deforestation in Thailand has focused attention on the
two principle services provided by mangrove ecosystems, their role as
nursery and breeding habitats for off-shore fisheries; and their role as
natural storm barriers to periodic coastal storm events, such as wind
storms, tsunamis, storm surges and typhoons. In addition, many coastal
communities exploit mangroves directly for a variety of products, such
as fuelwood, timber, raw materials, honey and resins, and crabs and
shellfish. Various studies have suggested that these three benefits of
mangroves are significant in Thailand (Barbier, 2003, 2007; Sathirathai
and Barbier, 2001).

Valuation of the ecosystem services provided by mangroves is there-
fore important for two land use policy decisions in Thailand. First,
although declining in recent years, conversion of remaining mangroves
to shrimp farm ponds and other commercial coastal developments con-
tinues to be a major threat to Thailand’s remaining mangrove areas.
Second, since the December 2004 Indian Ocean tsunami, there is now
considerable interest in rehabilitating and restoring mangrove ecosys-
tems as natural barriers to future coastal storm events. Thus valuing
the goods and services of mangrove ecosystems can help to address
two important policy questions: do the net economic returns to shrimp
farming justify further mangrove conversion to this economic activity,
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Table 2.2. Comparison of land use values per ha, Thailand, 1996–2004 (US$).

Land use
Net present value per ha
(10–15% discount rate)

Shrimp farming
Net economic returnsa 1,078–1,220

Mangrove ecosystem rehabilitation
Total costb 8,812–9,318

Ecosystem goods & services
Net income from collected forest productsc 484–584
Habitat-fishery linkaged 708–987
Storm protection servicee 8,966–10,821

Total 10,158–12,392

Source: Barbier (2007).
aBased on annual net average economic returns US$322 per ha for five years
from Sathirathai and Barbier (2001), updated to 1996$.
bBased on costs of rehabilitating abandoned shrimp farm site, replanting man-
grove forests and maintaining and protecting mangrove seedlings. From Sathi-
rathai and Barbier (2001), updated to 1996 US$.
cBased on annual average value of $101 per ha over 1996–2004 from Sathirathai
and Barbier (2001), updated to 1996 US$.
dBased on a dynamic analysis of mangrove-fishery linkages over 1996–2004 and
assuming the estimated Thailand deforestation rate of 3.44 km2 per year (see
Barbier, 2007).
eBased on marginal value of expected damage avoided of $1,879 per ha from
Barbier (2007).

and is it worth investing in mangrove replanting and ecosystem reha-
bilitation in abandoned shrimp farm areas?

To illustrate how improved and more accurate valuation of
ecosystems can help inform these two policy decisions, Table 2.2
compares the per ha net returns to shrimp farming, the costs of man-
grove rehabilitation and the value of mangrove services. All land uses
are assumed to be instigated over 1996–2004 and are valued in 1996
US$ per hectare (ha).

Several analyses have demonstrated that the overall commercial
profitability of shrimp aquaculture in Thailand provides a substantial
incentive for private landowners to invest in such operations (Barbier,
2003; Sathirathai and Barbier, 2001; Tokrisna, 1998). However, many
of the conventional inputs used in shrimp pond operations are sub-
sidized, below border-equivalent prices, thus increasing artificially the
private returns to shrimp farming. In Table 2.2 the net economic returns



2.3 Mangrove Land Use in Thailand 627

to shrimp farming, which are calculated once the estimated subsidies
are removed, are based on non-declining yields over a five-year period
of investment (Sathirathai and Barbier, 2001). After this period, there
tends to be problems of drastic yield decline and disease; shrimp farmers
then usually abandon their ponds and find a new location. In Table 2.2
the annual economic returns to shrimp aquaculture are estimated to be
$322 per hectare (ha), and when discounted over the five-year period
at a 10–15% rate yield a net present value of $1,078–$1,220 per ha.

There is also the problem of the highly degraded state of aban-
doned shrimp ponds after the five-year period of their productive life.
Across Thailand those areas with abandoned shrimp ponds degenerate
rapidly into wasteland, since the soil becomes very acidic, compacted
and too poor in quality to be used for any other productive use, such
as agriculture. To rehabilitate the abandoned shrimp farm site requires
re-establishing tidal flows, treating and detoxifying the soil, replanting
mangrove forests and maintaining and protecting mangrove seedlings
for several years. As shown in Table 2.2, these restoration costs are
considerable, $8,812–$9,318 per ha in net present value terms. This
reflects the fact that converting mangroves to establish shrimp farms
is almost an irreversible land use, and without considerable additional
investment in restoration, these areas do not regenerate into mangrove
forests. What should happen is that, before the decision to allow shrimp
farming to take place, the restoration costs could be treated as one mea-
sure of the user cost of converting mangroves irreversibly, and this cost
should be deducted from the estimation of the net returns to shrimp
aquaculture. As the restoration costs exceed the net economic returns
per ha, the decision should be to prevent the shrimp aquaculture oper-
ation from occurring.

Unfortunately, past land use policy in Thailand has ignored the user
costs of shrimp farming, and as a result many coastal areas have been
deforested of mangroves. Many short-lived shrimp farms in these areas
have also long since fallen unproductive and are now abandoned. Thus,
an important issue today is whether it is worth restoring mangroves in
these abandoned areas. If the foregone benefits of the ecological services
of mangroves are not large, then mangrove restoration may not be a
reasonable option. Table 2.2 therefore indicates the value of three of
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these benefits: the net income from local mangrove forest products,
habitat-fishery linkages and storm protection.

All three ecosystem services — coastal protection, wood product
collection and habitat support for off-shore fisheries — have a com-
bined value ranging from $10,158–$12,392 per hectare (ha) in net
present value terms over the 1996–2004 period of analysis, and that
the highest value of the mangrove by far is its storm protection service,
which yields an annual benefit of $1,879 per hectare (ha) annually, or
a net present value of $8,966–$10,821. These ecosystem service values
clearly exceed the net economic returns to shrimp farming. In fact, the
net income to local coastal communities from collected forest products
and the value of habitat-fishery linkages total to $1,192–$1,571 per ha,
which are greater than the net economic returns to shrimp farming.
However, the value of the storm protection is critical to the decision as
to whether or not to replant and rehabilitate mangrove ecosystems in
abandoned pond areas. As shown in Table 2.2, storm protection ben-
efit makes mangrove rehabilitation an economically feasible land use
option.

To summarize, this case study has shown the importance of valuing
the ecological services in land use decisions, as outlined in Figures 2.1
and 2.2. The irreversible conversion of mangroves for aquaculture
results in the loss of ecological services that generate significantly large
economic benefits. This loss of benefits should be taken into account
in land use decisions that lead to the widespread conversion of man-
groves, but typically are ignored in private sector calculations. Finally,
the largest economic benefits of mangroves appear to arise from reg-
ulatory and habitat functions, such as coastal storm protection and
habitat-fishery linkages. This reinforces the importance of measuring
the value of such ecological services.



3
The Basic Natural Asset Model

3.1 One-Time Development of a Natural Landscape

To illustrate further the natural asset properties of ecosystems, we
consider the simplest problem of one-time development of an entire
natural landscape to an alternative commercial use. Such a model turns
out to have properties very similar to that of early economic models
of land awaiting development that might have interim use or income
(Arnott and Lewis, 1979; Shoup, 1970) or forest land that is clear cut
once for timber but also yields non-timber benefits in the meantime
(Hartman, 1976).

Let the initial landscape area of an ecosystem be denoted as A0.
If the landscape is completely converted and developed in its highest
and best use at some future time t, then its value, expressed in terms
of the optimal rent to developed land at that time, is R(t). We assume
that developed land is initially scarce in the economy, perhaps due to a
large and growing population relative to the amount of available land,
and thus the rental value of developed land increases over time, i.e.,
R′(t) > 0. But as more and more land conversion occurs throughout the
economy, and because initially the best quality land for development
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is used first, R′′(t) < 0. Also, until the natural landscape is converted
at time t, it yields a flow of ecosystem services, or benefits. Denote the
value of these benefits in each time period i as B(i), which begin during
the current period 0 and end at the time of development t. It follows
that the present value of the landscape at time 0 is

V (t) = max
t

[
R(t)e−rt +

∫ t

0
B(i)e−ridi

]
(3.1)

The optimal date of development, t, is determined as

e−rt
[
R′(t) − rR(t) + B(t)

]
= 0 → R′(t) + B(t) = rR(t) (3.2)

In Equation (3.2) R′(t) + B(t) represents the gain from delaying devel-
opment one period. It includes the increase in rental value of developed
land plus the additional ecosystem benefits during that period of delay.
The term rR(t) represents the cost of delaying development. The value
of the land, if sold in period t, could be invested to earn an interest
income. The average interest rate on other assets in the economy is
clearly key to the opportunity cost of delaying development another
period. A higher interest rate means that it is costly to delay, whereas
the lower interest rate has the opposite effect. Thus, although highly
basic, condition (3.2) shows how the returns to holding on to ecosys-
tems as a natural asset can be compared to the rate of return on other
assets in the economy.

Condition (3.2) can also be written in the more familiar way

R′(t)
R(t)

= r − B(t)
R(t)

(3.3)

Development should take place when the rate of change of develop-
ment value of the land, R′(t)/R(t), is equal to the interest rate, r, less
the ratio of the ecosystem benefit flows per time period of the natural
landscape to the development value of the land. As the rate of growth
in the rental value of developed land is initially high but falls over
time, condition (3.3) indicates that the net or effective interest rate is
key to the decision as to whether or not to postpone development an
additional period. With positive ecosystem benefits, B(t)/R(t) > 0, the
effective interest rate is lower than the market rate, implying that the
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natural landscape should be developed when the rate of growth in its
value is less than r, and thus development should be delayed.

Ecosystem benefits are therefore critically important to the optimal
landscape development decision. When the benefits are large, develop-
ment may not be optimal at all. First, as B(t) → ∞, then the prob-
lem (3.1) is convex, and there is no feasible first-order condition for
the optimal time for development. However, ecosystem benefits do not
have to be that large for development to be delayed indefinitely. From
Equation (3.2), if R′(t) + B(t) > rR(t) for all t, then the gains from
delaying development always exceed the costs, and the natural land-
scape should not be developed. Finally, if a solution for the optimal
timing for development exists, it must also satisfy the second-order
condition R′′(t) + B′(t) < rR′(t). If ecosystem benefits rise rapidly over
time, perhaps because rapid development elsewhere in the economy has
made such ecosystem services scare, then this condition might not be
satisfied and there is no solution to Equation (3.1). Once again, devel-
opment of the natural landscape should not occur.

Valuing ecosystem services as well as changes in this value over
time is therefore important to determining the optimal time to develop
natural landscape as well as whether or not development should take
place at any time. As condition (3.3) indicates, the failure to value
ecosystem benefits at all is tantamount to assuming that ecosystems are
not natural assets. Their only value is as a potential source of developed
land, and the development decision depends solely on comparing the
growth in rental value to the market interest rate. Natural landscape
development will take place too soon, if it should occur at all.

3.2 Continuous Conversion of a Natural Landscape

Although the natural landscape of an ecosystem might be completely
converted through one-time development, a more likely scenario is that
the landscape is subject to continuous but irreversible conversion to
land used in economic development activities. Here, it is shown that
this problem can be easily analyzed by employing a competing land use
model, which has been used in many contexts to analyze the allocation
of land between alternative uses (Amacher et al., 2009; Barbier and
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Burgess, 1997; Benhin and Barbier, 2001; Crocker, 2005; Hartwick
et al., 2001; McConnell, 1989; Parks, 1995; Parks et al., 1998; Rowthorn
and Brown, 1999; Stavins and Jaffe, 1990).

In the following version of the problem, it is assumed that the land
conversion decision is effectively irreversible because, once the ecolog-
ical landscape is converted to another land use, the costs of restoring
the landscape is either technically infeasible or prohibitively expensive
relative to the ecosystem benefits obtained. Later in this section, this
condition is modified to allow for the possibility of future restoration
of the ecological landscape.

Let A(t) be the area of natural ecosystem landscape at time t and
A(0) = A0 is the initial landscape area. If c(t) is the area of natural
landscape converted in each period to a development activity, then

A(t) = A0 −
∫ t

0
c(s)ds and Ȧ = −c(t) (3.4)

It follows that, if D(t) be the area of land use in the development
activity and D(0) = D0 is the initial developed land area, then

D(t) = D0 +
∫ t

0
c(s)ds and Ḋ = c(t) (3.5)

Natural ecosystem landscape produces a flow of ecosystem services,
or benefits, that vary across the landscape. Let B(A(t)) be the periodic
ecosystem service flow from the remaining landscape area. These ben-
efits vary non-linearly across the landscape such that ∂B/∂A(t) > 0,
∂2B/∂A(t)2 < 0. Developed land is also heterogeneous in quality. Let
R be the periodic rent associated with developed land. If the conver-
sion decision is rational, then the highest quality land is allocated to
development first, and differential rent will vary with land quality; i.e.,
there are decreasing marginal returns (rent) to the increase in the stock
of developed land, R(D(t)), ∂R/∂D(t) > 0, ∂2R/∂D(t)2 < 0. However,
conditions (3.4) and (3.5) indicate that D(t) = D0 + A0 − A(t). The
latter expression implies in turn that the rents from developed land
can be rewritten as R(A(t)), ∂R/∂A(t) < 0.

If C are the costs of conversion, then more landscape conversion
increases these costs, i.e., C(c(t)), ∂C/∂c(t) > 0, ∂2C/∂c(t)2 > 0. It is
also assumed that C(0) = C ′(0) = 0.
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The decision maker determining landscape use can maximize the
present value of net returns from the land, V , by choosing optimal
levels of land to convert, c(t)

max
c(t)

V =
∫ ∞

0
[R(D) − C(c) + B(A)]e−rtdt (3.6)

subject to (3.4) and (3.5). However, if we use the above suggested
substitutions in the expression for rent from developed land, then the
current value Hamiltonian of the problem is

H = R(A) − C(c) + B(A) − µc,

where µ is the shadow value of natural landscape. Two of the first-order
conditions of the problem are

∂H

∂c
=0 → µ = −C ′(c) (3.7)

−∂H
∂A

= µ̇ − rµ → µ̇ = rµ − B′(A) − R′(A) (3.8)

Combining (3.7) and (3.8) yields

−B′(A) − R′(A)= µ̇ + rCc → −R′(A) − rC ′(c)

=R′(D) − rC ′(c)

=B′(A) + µ̇, (3.9)

where −RA = RD is annual periodic rent from developed land use.
Condition (3.9) indicates that, along the optimal path of landscape

conversion, the returns from the two competing land uses must be
equal. The marginal profits from development less conversion costs
R′(D) − rC ′(c) must equal the marginal benefit of holding on to the
ecological landscape B′(A) + µ̇. Note that (3.9) can also be rewritten as

−µ(t) =
R′(D)
r

− B′(A) + µ̇

r
= C ′(c).

The difference between the capitalized marginal value of developed land
and land retained as ecological landscape is the marginal cost of con-
verting landscape. Denote P as the “price”, or capital value, of land



634 The Basic Natural Asset Model

that is associated with each of these respective capitalized land use
values, then

R′(D)
r

− B′(A) + µ̇

r
= P (D(t)) − P (A(t)) = C ′(c) (3.10)

The difference in land prices between developed and ecological land is
the marginal cost of converting a unit of the ecological landscape into
developed land.

In the long run steady state, Ȧ = µ̇ = 0. It follows from (3.4) and
(3.7) that both landscape conversion and the marginal value of an addi-
tional unit of ecosystem landscape approach zero asymptotically, i.e.,
c = 0 and limt→∞µ(t) = Cc(0) = 0. The wedge between land prices will
disappear,P (D(t)) = P (A(t)), and ecosystem landscape area will con-
verge to a steady state level A∗.

Assume that the initial ecological landscape area is large A(0) > A∗.
From (3.7), along the transition path to the long run steady state, the
marginal value of an additional unit of ecosystem landscape is nega-
tive µ < 0. Initially, optimal landscape conversion c is very large, which
reflects the fact that developed land is relatively scarce compared to
ecological landscape and essentially valued as a “reserve” to be con-
verted for developed land. But because initial landscape area is large,
the marginal value of ecosystem services from that landscape B′(A) is
very low whereas the marginal rent earned from developed land use
R′(D) is extremely high. The result is that the shadow value of ecolog-
ical landscape µ(t) is rising over time. In fact, given that A(0) > A∗,
along the optimal path until the steady state is reached, µ(t) continues
rising and c falling.

Formally, from the necessary condition (3.7)

∂µ = −C ′′(c)∂c → ∂c

∂µ
= − 1

C ′′(c)
< 0, (3.11)

which implies that Equation (3.4) can be written as Ȧ = −c(µ) and
confirms that, as the shadow value of natural landscape becomes less
negative over time, optimal land conversion falls. The slope of the opti-
mal path is

∂µ

∂A
=
µ̇

Ȧ
=
rµ − B′(A) − R′(A)

−c(µ)
< 0, (3.12)
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Fig. 3.1 Optimal landscape conversion in the basic model.

which verifies that, although initially natural landscape is very large, as
land conversion proceeds and A falls, the shadow value of natural land-
scape becomes less negative. The optimal path for ecological landscape
conversion is depicted in Figure 3.1.

However, as we have discussed previously, the problem for the deci-
sion maker determining landscape use is that markets do not take into
account the value of nonmarket ecosystem services, so that typically
B′(A) = 0 in most land use decisions. If that is the case, the only
value of ecological landscape is as a “reserve” of developed land. Land
will be developed until in the long run the entire landscape is con-
verted A∗ = 0 and D∗ = A0, and the capitalized value of land is zero,
R′(D∗)/r = µ̇/r = P (D∗) = 0. This outcome is depicted in Figure 3.2.
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Fig. 3.2 Landscape conversion when ecosystem services are ignored.

3.3 An Ecological Transition

Although it might not be feasible initially to restore the natural land-
scape, at some future time t1, where 0 < t1 < ∞, it becomes technolog-
ically possible to restore developed land as ecological landscape. The
value of restoring all developed land at time t1 ≤ t ≤ ∞ can be denoted
by the function G(D(t)),G′(D(t)) > 0.

At some finite time T , which occurs at the time or shortly after
ecological restoration becomes feasible, i.e., t1 ≤ T < ∞, the future land
rents earned from developed land are equal to the value of restoring all
developed land at T

V (D(T )) =
∫ ∞

T
R(D(t))e−rtdt = G(D(T )) ,

G′ (D(T )) ≥ V ′ (D(T )) > 0. (3.13)

Given that D(t) = D0 + A0 − A(t) it follows that V (D(T )), which is
the value of developed land from T onwards, can also be expressed as
V (A(T )),V ′(A(T )) < 0.

The competing land use model is now a finite time optimization
problem with a designated terminal value associated with the stock
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of remaining ecological land at time T . The first order conditions of
the model over the interval [0,T ] are the same as before, but the new
transversality condition is

µ(T ) = −C ′(c) = V ′(A(T )) < 0. (3.14)

At time T the marginal (negative) value of an additional stock of eco-
logical landscape must equal the additional cost of converting it to
developed land and also equal the marginal increase in future rents
from developing another unit of the landscape.

From Equation (3.13) and using −V ′(A(T )) = V ′(D(T )) in (3.14),
the transversality condition can also be written as

−µ(T ) = −V ′(D(t)) ≤ G′(D(T )) (3.15)

where −µ(T ) can be interpreted as the marginal value of an additional
stock of developed land at T , which is equal to the marginal increase
in the future rents from an additional unit of developed land. But
this increase in the future stream of rents is equal to or less than the
marginal value of restoring one unit of developed land at time T .

Two implications emerge from this transversality condition. First,
conversion of ecological landscape to developed land will terminate at
time T . Second, over the remaining time period T ≤ t ≤ ∞, a new phase
of land use will occur involving the restoration of the stock of developed
land to ecological landscape. Thus, the time period T denotes the eco-
logical transition from development of ecological landscape to a period
of ecological restoration.

Let g(t) be the area of developed land restored in each period
over T ≤ t ≤ ∞ to natural landscape. It follows that A(t) = AT +∫ t
T g(s)ds,A(T ) = AT and Ȧ = g(t). If C(g) is the cost of restora-

tion, which increases with the amount of land restored, i.e., C ′(g) >
0,C ′′(g) > 0,C(0) = C ′(0) = 0, then the maximization problem, from
the standpoint of the beginning of the ecological transition, is now

max
g(t)

V =
∫ ∞

T
[R(A) + B(A) − C(g)]e−r(t−T )dt, s.t. Ȧ = g,A(T ) = AT .
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The current value Hamiltonian of the problem is H = R(A) + B(A) −
C(g) + µg, which yields the following two necessary conditions

∂H

∂c
=0 → µ = C ′(g) (3.16)

−∂H
∂A

= µ̇ − rµ → µ̇ = rµ − B′ − RA (3.17)

Combining Equations (3.16) and (3.17)

−R′(A) = R′(D) = B′(A) − rC ′(g) + µ̇ (3.18)

µ =
B′(A) + µ̇

r
− R′(D)

r
= P (A) − P (D) = C ′(g) (3.19)

After the ecological transition, the difference between the capitalized
marginal value of ecological landscape can also be designated as the
difference in the “price” of ecological as opposed to developed land, but
now this difference must be equivalent to the marginal cost of restoring
a unit of developed land as ecological landscape.

In the long run steady state, Ȧ = µ̇ = 0 and C ′(0) = 0. It follows
that both landscape restoration and the marginal value of an addi-
tional unit of ecosystem landscape approach zero asymptotically, i.e.,
g = 0 and limt→∞µ(t) = C ′(0) = 0. The wedge between land prices will
disappear, P (D(t)) = P (A(t)), and ecosystem landscape area will con-
verge to a steady state level A∗∗. If the initial landscape level is small,
i.e., D(T ) > A(T ) > A∗∗ then from Equation (3.16), along the ecolog-
ical restoration path to the long run steady state, the marginal value
of an additional unit of ecosystem landscape is positive µ > 0, and
optimal landscape restoration g is very large, reflecting the fact that
developed land is initially relatively abundant compared to ecological
landscape. But because initial landscape area is small, the marginal
value of ecosystem services from that landscape B′(A) is very high
whereas the marginal rent earned from developed land use R′(D) is
extremely low. The result is that the shadow value of ecological land-
scape µ(t) is falling over time. In fact, given that A(T ) < A∗∗, along the
optimal path until the steady state is reached, both µ(t) and g continue
falling. The outcome is depicted in Figure 3.3.

Although the model of ecological transition developed here is rela-
tively simple, it nonetheless captures two important aspects identified
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Fig. 3.3 The ecological transition and optimal landscape restoration.

in the literature: restoration must be technological feasible and the
value of a restored ecological landscape must be sufficient to justify the
costs of restoration. The notion that there may be distinct phases of eco-
logical land use, where there is an initial phase irreversible landscape
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conversion takes place followed by a new phase where restoration is
technically and economically feasible, is supported by the empirical
literature on some key ecosystems.

For example, there is a longstanding forest transition literature,
which emphasizes that a country’s forest cover generally declines as it
develops socially and economically, but eventually as an economy devel-
ops further, the increased demand for wood products and non-market
ecosystem services from forested land may lead to forest replenishment,
and perhaps eventually a recovery in the total forest area (Grainger,
1995, 2008; Kauppi et al., 2006; Mather, 1992, 2000, 2007; Palo and
Vanhanen, 2000; Rudel et al., 2005; Walker, 1993).3 Historical evidence
of forest cover trends suggest that most of Western Europe, North
America and the Pacific developed countries (e.g., Australia, Japan
and New Zealand) underwent some from of transition in forest land
use from decline to recovery in the nineteenth or early twentieth cen-
tury. In recent years, there have also been some signs of similar forest
recovery in some developing economies, notably Bangladesh, China,
Costa Rica, Cuba, Dominican Republic, India, Morocco, Peninsular
Malaysia, Puerto Rico, Rwanda, South Korea and Vietnam.

In comparison, ecological restoration of coastal, estuarine and
marine systems has only received attention very recently [for reviews,
see (Bosire et al., 2008; Elliott et al., 2007; Simenstad et al., 2006)].
As discussed in Section 2.3, for example, restoring mangroves on
abandoned shrimp farm site is very costly, as it requires re-establishing
tidal flows, treating and detoxifying the soil, replanting vegetation
and maintaining and protecting mangrove seedlings for several years.
Nevertheless, improvements in the technical feasibility of restoring estu-
arine hydrology and vegetation replanting methods have led to notice-
able transitions to restoration of degraded and converted landscapes in
locations where the services of these coastal ecosystems are especially
valuable (Bosire et al., 2008; Dahdouh-Guebas et al., 2005; Elliott et al.,
2007; Lewis III, 2000, 2005; Lewis III and Gilmore Jr, 2007; Reed and
Wilson, 2004; Simenstad et al., 2006).

3 For an economic explanation of why such transitions in long-run forest land use patterns
may occur, see (Barbier et al., 2009).



4
Spatial Variation in Ecosystems

Since the seminal contribution by (Clark, 1976), economists have
sought to develop spatial models of resource management in a vari-
ety of contexts, including renewable resource harvesting, deforestation,
mining, biological invasion and marine reserve establishment (Albers,
1996; Alix-Garcia, 2007; Barbier, 2001; Brown and Roughgarden, 1997;
Costello and Polasky, 2008; Gaudet et al., 2001; Kolstad, 1994; Robin-
son et al., 2008; Sanchirico and Wilen, 1999, 2005; Smith et al., 2009).
The aim of the following section is also to show how spatial consider-
ations matter in the treatment of ecosystems as natural assets. First,
we return to the example of coastal landscapes and discuss ecological
evidence that the basic functions of these systems are spatially vari-
able. Evidence of spatial heterogeneity of landscapes is explored fur-
ther, with the example of non-linear wave attenuation across a man-
grove landscape that affects the value of the coastal protection service
and how it affects the mangrove-shrimp farm competing use problem
in Thailand. The section ends by demonstrating how a simple spatial
model of allocating natural landscape can be developed to incorporate
some of these features of geographical variation of ecological functions,
thus affecting the location and extent of natural landscape conversion
in an ecosystem.

641
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4.1 Coastal Landscapes

Although most ecologists have concluded that ecosystem size and func-
tional relationships are non-linear, the lack of data or mapping of these
relationships has often precluded estimating how the value of an ecosys-
tem service varies across an ecological landscape. However, studies of
coastal systems suggest that, for a handful of key ecosystem services, it
is possible to track how the ecological functions vary spatially and thus
influence the economic benefits that they provide (Aburto-Oropeza
et al., 2008; Aguilar-Perera and Appeldoorn, 2008; Barbier et al., 2008;
Meynecke et al., 2008; Petersen et al., 2003; Peterson and Turner, 1994;
Rountree and Able, 2007). What is more, much of the evidence sug-
gests that benefits tend to decline with the distance inshore from the
seaward edge of most coastal wetland habitats, such as mangroves and
salt marshes.

For example, coastal interface systems, including mangroves, salt
marshes, seagrass beds, nearshore coral reefs and sand dunes, can pro-
vide protection against wave damage caused by storms, hurricanes,
tidal waves and other storm events, provided that such storm events
are not too extreme in their magnitude (Barbier et al., 2008). However,
for all these coastal habitats, non-linear landscape relationships exist
between habitat area and measurements of the ecosystem function of
wave attenuation. For mangroves and salt marshes, wave attenuation
diminishes with increasing habitat distance inland from the shoreline.
In the case of seagrasses and near-shore coral reefs, wave attenuation
is a function of the water depth above the grass bed or reef, and these
relationships are also nonlinear. There is also a spatial variable relation-
ship between the percent cover of dune grasses and the size of oceanic
waves blocked by the sand dunes produced by the grasses.

Coastal systems also strongly influence the abundance, growth and
structure of neighboring marine fisheries by providing nursery, breeding
and other habitat functions for commercially important fish and inver-
tebrate species that spend at least part of their life cycles in coastal
and estuarine environments. Evidence of this coastal habitat-fishery
linkage is increasingly indicating that the value of this service is higher
at the seaward edge or “fringe” of the coastal habitat than further
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inland (Aburto-Oropeza et al., 2008; Aguilar-Perera and Appeldoorn,
2008; Manson et al., 2005; Peterson and Turner, 1994). For example,
Peterson and Turner (1994) find that densities of most fish and crus-
taceans were highest in salt marshes in Louisiana within 3 m of the
water’s edge compared to the interior marshes. In the Gulf of Califor-
nia, Mexico the mangrove fringe with a width of 5–10 m has the most
influence on the productivity of near-shore fisheries, with a median
value of $37,500 per ha. Fishery landings also increased positively with
the length of the mangrove fringe in a given location (Aburto-Oropeza
et al., 2008).

To illustrate the influence of spatial variability on an ecosystem ser-
vice and thus on the conversion of a coastal landscape for development,
we return to the Thailand mangrove case study of Section 2.3. Recall
that this study compared per hectare land use values between various
mangrove ecosystem benefits and conversion of the mangrove to shrimp
ponds in Thailand (see Table 2.2). But what if these per hectare values
for mangroves were used to inform a land use decision weighing con-
version of an entire mangrove ecosystem to shrimp aquaculture? For
example, deciding how much of a mangrove forest extending 1000 m
seaward along a 10 km coastline to convert to shrimp aquaculture may
depend critically on whether or not all the mangroves in the 10 km2

ecosystem are equally beneficial in terms of coastal storm protection
(Barbier et al., 2008).

Suppose that it is assumed initially that the annual per ha values
for the various ecosystem benefits are spatially uniform, and thus vary
linearly, across the entire 10 km2 mangrove landscape. Following this
assumption, a mangrove area of 10 km2 would have an annual storm
protection value of 1,000 times the $1,879 per ha “point estimate”,
which yields an annual total benefit estimate of nearly $1.9 million.
Barbier et al. (2008) indicate how this assumption translates into a
comparison of the net present value (10% discount rate and 20-year
horizon) of shrimp farming to the three mangrove services — coastal
protection, wood product collection and habitat support for off-shore
fisheries — as a function of mangrove area (km2) for the example of
a 10 km2 coastal landscape. Figure 4.1 shows a comparison of these
benefits.
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Fig. 4.1 Mangrove land use with spatially uniform ecosystem values.
Source: Barbier et al. (2008).

Figure 4.1 aggregates all four values to test whether an integrated
land use option involving some conversion and some preservation yields
the highest total value. When all values are linear, as shown in the
figure, the outcome is a typical “all or none” scenario; either the aggre-
gate values will favor complete conversion or they will favor preserving
the entire habitat. Because the ecosystem service values are large and
increase linearly with mangrove area the preservation option is pre-
ferred. The aggregate value of the mangrove system is at its highest
($18.98 million) when it is completely preserved, and any conversion
to shrimp farming would lead to less aggregate value compared to full
preservation, thus any land use strategy that considers all the values of
the ecosystem would favor mangrove preservation and no shrimp farm
conversion.

However, as discussed above, not all mangroves along a coastline
are equally effective in storm protection. It follows that the storm pro-
tection value is unlikely to be uniform across all mangroves. The reason
is that the storm protection “service” provided by mangroves depends
on their critical ecological function in terms of “attenuation” of storm
waves. That is, the ecological damages arising from tropical storms
come mostly from the large wave surges associated with these storms.
Ecological and hydrological field studies suggest that mangroves are
unlikely to stop storm waves that are greater than 6 m (Alongi, 2008;
Cochard et al., 2008; Forbes and Broadhead, 2007; Wolanski, 2007). On
the other hand, where mangroves are effective as “natural barriers”,
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Fig. 4.2 Mangrove land use with spatially variable storm protection values.
Source: Barbier et al. (2008).

against storms that generate waves less than 6 m in height, the wave
height of a storm decreases quadratically for each 100 m that a man-
grove forest extends out to sea (Barbier et al., 2008; Mazda et al., 1997).
In other words, wave attenuation is greatest for the first 100 m of man-
groves but declines as more mangroves are added to the seaward edge.

Barbier et al. (2008) employ the non-linear wave attenuation func-
tion for mangroves based on the field study by Mazda et al. (1997) to
revise the estimate of storm protection service value for the Thailand
case study. The result is depicted in Figure 4.2.

The storm protection service of mangroves still dominates all values,
but small losses in mangroves will not cause the economic benefits of
storm buffering by mangroves to fall precipitously. The consequence is
that the aggregate value across all uses of the mangroves, shrimp farm-
ing and ecosystem values, is at its highest ($17.5 million) when up to
2 km2 of mangroves are allowed to be converted to shrimp aquaculture
and the remainder of the ecosystem is preserved.

Thus, taking into account how an ecological function varies spatially
and influences the value of the ecosystem service it provides can have
a significant impact on a land use decision at the landscape scale.

4.2 A Natural Landscape with Spatially Variable Benefits

As noted above, an interesting feature of some coastal ecosystems is
that some of their key ecosystem services tend to vary unidirectionally
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across the system’s natural landscape. For example, in the case of
mangroves and salt marshes, both storm protection and habitat-fish
linkage benefits tend to decline with the distance inshore from the sea-
ward edge of most coastal wetland habitats, such as mangroves and salt
marshes. The economic implications of such spatial variation in ecosys-
tem functioning can be captured in a simple model that treats man-
agement of the natural landscape among competing uses as a spatial
problem, following an approach similar to the spatial pricing problem
developed by Takayama (1994).

For instance, assume that both the value of an ecosystem service
and the costs of maintaining this service vary with the spatial distance
across the natural landscape of an ecosystem. This geographical varia-
tion may be due to the biophysical functioning of the ecosystem that
generate a different service at different locations across the landscape,
and also due to the higher costs incurred of maintaining a larger land-
scape area. The distance across the landscape, and thus the service,
can defined from one “edge” to a maximum boundary, i.e., [0,A].

Let S(A) be the total flow of ecosystem services over the entire
spatial distance across the natural landscape of area, A. Thus S(A) is
defined as

S(A) =
∫ A

0
s(a)da, (4.1)

where 0 denotes one ecologically defined boundary (e.g., the seaward
edge of a coastal ecosystem) and A denotes the distance across to the
furthest ecological boundary of the natural ecosystem landscape (e.g.,
the furthest landward edge of the coastal ecosystem. It is assumed that
A is predetermined by the biophysical characteristics of the landscape.
It follows from Equation (4.1) that s(a) is the ecosystem service flow
at any specific location, a, in the landscape.

We again want to consider the possibility that the natural landscape
could have an alternative land use in some development activity. Denote
the opportunity costs of maintaining the entire ecosystem landscape for
service flow S as C[S(A)]. Since this opportunity cost is represented
by the foregone rents that could be earned from developing the entire
landscape, R(A), then it follows that

C[S(A)] = R(A), (4.2)
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Now let v(s(a)) denote the marginal willingness to pay (WTP) for
the benefits associated with the ecosystem service flow at each location,
a. Associated with the marginal WTP is an implicit price

p(a) = v(s(a)). (4.3)

The total WTP for the ecosystem service flow at location a is

V (s) =
∫ s

0
v(i)di. (4.4)

To ensure a flow of ecosystem services requires some maintenance
costs, e.g., to prevent encroachment, illegal conversion, overuse, etc. We
assume that these costs, M , vary at each location a across the land-
scape, but if there is no longer any ecosystem, M(0) = 0. In addition,
we represent maintenance costs as proportionate to the ecosystem ser-
vice flow at each location; i.e., the higher the service flow, the more
costs have to be expended to maintain it.

M(a) = m(a)s(a),M(0) = m(0) = 0. (4.5)

It follows from Equation (4.1) that the change in total ecosystem
services due to a marginal change in the landscape is related to the
service flow at each location a. That is, differentiating Equation (4.1)
with respect to A yields

∂S

∂A
= s(A) and Ṡ(a) = s(a) where Ṡ(a) =

∂S

∂a
. (4.6)

Note that integrating Equation (4.6) over the entire landscape distance
[0,A] yields Equation (4.1).

If a social planner could choose optimally the flow of ecosystem
services at each location, s(a), then the planner would choose it to
maximize total net benefits over the entire ecosystem landscape

max
s(a)

W =
∫ A

0
[V (s(a)) − m(a)s(a)]da − R(A) (4.7)

subject to Ṡ(A) = s(a), where S(a) and s(a) are the state and control
variables, respectively.

One more modification to the maximization problem (4.7) may be
required. It is now recognized in the valuation literature that indi-
viduals’ WTP for certain types of environmental benefits declines with
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distance from the site or location, and thus WTP estimates at a specific
location should be adjusted by a distance-decay function (Albers et al.,
2008; Bateman et al., 2005; Hanley et al., 2003; Pate and Loomis, 1997).
Such studies find that the WTP by individuals for benefits generated
at a specific site or location tend to decline exponentially with respect
to the distance of the individuals from the site. This distance-decay
effect is cited as justification for including a geographical or spatial dis-
counting term to account for how WTP varies over distance (Ando and
Shah, 2009; Hannon, 1994; Perrings and Hannon, 2001). For example
Perrings and Hannon (2001) show how, if pollution density evolves with
the distance from the source, geographical discounting of preferences
affects the optimal spatial diffusion of pollution.

In the problem considered here we have another reason to adopt spa-
tial discounting. If ecological functions decline unidirectionally across
a natural landscape, then the benefits provided by these functions will
also decrease with distance. For example, as we saw previously (see
Section 4.1), the benefits of storm protection and habitat-fishery link-
ages tend to decline with the distance inshore from the seaward edge of
most coastal wetland habitats, such as mangroves and salt marshes. If
the benefits of such ecosystem services decline spatially, then so would
the total WTP for these service flows.

If we assume that the total WTP for ecosystem services declines at
an exponential rate e−δa due to declining ecological functions across
the landscape, then the maximization problem (4.7) for the total net
benefits over the entire ecosystem landscape is now

max
s(a)

W =
∫ A

0
[V (s(a))e−δa − m(a)s(a)]da − R(A) (4.8)

subject to Ṡ(A) = s(a). The Hamiltonian of the problem is

H = V (s(a))e−δa − m(a)s(a) + λ(a)s(a),

where λ(a) is the costate variable associated with the constraint
and represents the marginal value of an additional unit of aggregate
ecosystem services from the landscape (the marginal net benefits aris-
ing from the relaxation of the constraint, ∂W/∂S).
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The necessary conditions for an interior solution are (4.6) and

∂H

∂s
= 0 → V ′(s)e−δa − m + λ = 0 (4.9)

λ̇ = −∂H
∂S

= 0 (4.10)

−R′(A) = λ(A) (transversality condition) (4.11)

From Equations (4.10) and (4.11) λ(a) = λ∗ = −R′(A) is a constant.
The shadow aggregate value of ecosystem services is constant regardless
of location, and it equals the negative of the marginal opportunity
cost of holding onto the landscape, which are the foregone rents that
could be earned from developing the landscape for another economic
use. From Equations (4.3) and (4.4) V ′(s) = v(s) = p(a). Consequently,
from Equation (4.9)

p(a)e−δa = m(a) − λ∗ = m(a) + R′(A). (4.12)

The implicit price (value) of ecosystem services at landscape location a
is equal to the costs of maintaining the services at that location plus the
marginal opportunity cost of holding on to the entire landscape. At each
location a the discounted marginal willingness to pay for the ecosystem
services must be sufficiently large to offset the maintenance cost of
those services at that location, m(a) and the marginal opportunity
cost of foregone rents from developing the entire landscape R′(A). If
this condition is not fulfilled, then it is optimal to covert the landscape
at this location.

From Equation (4.5), at the margin a = 0 then m = 0, and thus
from Equation (4.12) p(0) = R′(A), which implies that the ecosystem
is not worth maintaining. Differentiating Equation (4.12),

p′(a)e−δa − δp(a)e−δa = m′(a), a > 0 (4.13)

For δ = 0p′(a) = m′(a), and for δ > 0 p′(a) = m′(a)eδa + δp(a) > m′(a).
The slope of p(a) must be larger, when there is geographical discounting
compared to the situation without. To avoid conversion occurring at
any location across the landscape, the marginal WTP for ecological
services at each location must be equal to their marginal maintenance
cost. In fact, this is unlikely to be the case if ecosystem service benefits
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Fig. 4.3 Optimal landscape conservation across a natural landscape.

are declining at the rate δ for locations further away from the initial
boundary edge of the landscape. The differences between the two cases
are depicted in Figure 4.3

Although the spatial problem examined here is highly simplistic,
assuming that the ecological function underlying an ecosystem service
declines unidirectionally across a landscape, this example does show
the importance of spatial variation in determining conservation deci-
sions. Increasingly, economists are taking into account such consider-
ations, and showing in particular, how the spatial variability of costs
and the need for agglomeration bonuses across heterogeneous land-
scapes will have an important bearing on the decision as to how much
land area to protect, which landscapes to include cost-effectively for
achieving overall conservation targets, and the selection of alterna-
tive possible sites for protected areas (Ando et al., 1998; Balmford
et al., 2003; Carwardine et al., 2008; Ferraro, 2003, 2004; Naidoo et al.,
2006; Parkhurst and Shogren, 2008; Polasky et al., 2001). For example,
(Ferraro, 2004, p. 907) argues that, in a given landscape, “each land
parcel is a production unit, a ‘manufacturing plant that produces bio-
physical attributes,’ and these attributes can only be secured for con-
servation purposes through investment into a contract.” As a result,
“the degree to which a contracting agent can identify the ’true’ cost-
efficient land portfolio . . . depends on the degree to which environmental
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benefits . . . can be measured accurately.” Ferraro shows, with the exam-
ple of managing a riparian buffer zone to provide water for urban
residents in Syracuse, New York, that conservation investment oppor-
tunities can still be ranked without a parametric specification of the
amenity function or the cost function, provided that the decision maker
is at least able to identify the important biophysical and economic
attributes of each landscape parcel in each location.



5
Open Economy Conditions

The purpose of this section is to show how the natural asset model is
affected by introducing some simple open economy conditions. The two
conditions are trade and international payment for ecosystem services.
The model is extended in the most straightforward way possible, fol-
lowing (Barbier and Rauscher, 1994). Thus the model developed here
is an abstraction from more sophisticated open economy models that
consider land conversion (Barbier and Schulz, 1997; Bulte and Barbier,
2005; Hartwick et al., 2001; Jinji, 2006; Polasky et al., 2004; Smulders
et al., 2004).

5.1 The Open Economy Natural Asset Model

As in the basic natural asset model of Section 3, it is assumed that
an area of natural landscape, A0, associated with an ecosystem is sub-
ject to continuous irreversible conversion to provide land for a devel-
opment activity. However, following (Barbier and Schulz, 1997), it is
also assumed that, given this competing land use, retaining more nat-
ural landscape would mean less land available for development activ-
ities, thus restricting aggregate production, q, from these activities.

652
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Assuming decreasing marginal productivity of q through conversion of
the natural landscape, then the aggregate production function is

q = f(A(t)), f ′ < 0, f ′′ < 0. (5.1)

Aggregate output q is sufficiently large with respect to the entire
economy that it can either be exported or consumed domestically, and
the export earnings are used to import domestic consumption goods
from abroad. However, the economy’s exports and imports are suffi-
ciently small with respect to world markets that the terms of trade
for the economy are given. Denoting exports of aggregate output as
x, then domestic consumption from land conversion activities is q − x.
Imported consumption goods are m. With given world prices px for the
economy’s exports and pm for its imports, then the balance of trade for
the small open economy is

px = m, p =
px

pm
(5.2)

where p represents the terms of trade for the economy’s exports
of aggregate production from development activities that depend on
landscape conversion.

Social welfare is indicated by the utility of an infinitely lived rep-
resentative consumer, whose welfare depends on domestic consump-
tion, q − x, imported goods, m, and the benefit flows of ecosystem
services, B(A), less the costs of converting landscape, C(c). The econ-
omy’s objective is therefore to choose land conversion, c, and exports,
x, so as to maximize the welfare function

W =
∫ ∞

0
[U(q − x,m) + B(A) − C(c)]e−rtdt (5.3)

subject to (3.4) and (5.2). It is assumed that the utility function, U ,
is additively separable and has the standard properties with respect to
its partial derivatives, Ui > 0 and Uii < 0 (i = 1,2).

The current value Hamiltonian of the problem is

H = U(f(A) − x,px) + B(A) − C(c) − µc. (5.4)



654 Open Economy Conditions

The key necessary conditions for this problem are:

∂H

∂x
=0 → U1 − pU2 = 0 (5.5)

∂H

∂c
=0 → µ = −C ′(c) (5.6)

−∂H
∂A

= µ̇ − rµ → µ̇ = rµ − B′(A) − U1f
′(A) (5.7)

Condition (5.6) is the same as (3.7) for the basic natural asset
model of Section 3. Condition (5.7) is similar to (3.8), although now
the opportunity cost of holding on to landscape is not foregone rents
but the reduced utility from less domestic consumption derived from
development based on land conversion, U1f

′(A). The new condition is
(5.5), which is the standard small open economy result that the relative
marginal value of domestic to imported consumption must equal the
fixed terms of trade.

As before, from Equations (5.6) and (5.7)

µ(t) =
B′(A) + µ̇

r
+
U1f

′(A)
r

=−C ′(c) → −µ(t)

=P (D) − P (A) = C ′(c). (5.8)

Thus, the open economy model appears similar to the basic natural
asset model. The difference between the capitalized marginal value
of developed land and land retained as ecological landscape is the
marginal cost of converting landscape, which also represents the dif-
ference in land prices between developed and ecological land. However,
in the case of the open economy model, we can now explore what effect
a change in the terms of trade might have on the optimal land conver-
sion path of the economy. To do this, it is necessary to examine the
effects on both the steady state outcome and the transition path.

5.2 A Change in the Terms of Trade

As in the basic model, in the long run steady state, Ȧ = µ̇ = 0. It follows
that both landscape conversion and the marginal value of an addi-
tional unit of ecosystem landscape approach zero asymptotically, i.e.,
c = 0 and limt→∞µ(t) = Cc(0) = 0. The wedge between land prices will
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disappear, P (D(t)) = P (A(t)), and ecosystem landscape area will con-
verge to a steady state level A∗. If the initial ecological landscape area is
large A(0) > A∗, then along the transition path to the long run steady
state, the marginal value of an additional unit of ecosystem landscape
is negative µ < 0, and optimal landscape conversion c is at first very
large. But along the optimal path, as land conversion proceeds until the
steady state is reached, µ(t) will rise and c will fall. The outcome for the
optimal landscape conversion path is similar as depicted in Figure 3.1.

However, in the open economy version of the model, a change in the
economy’s terms of trade p will now have an impact on the both the
long run steady state level of natural landscape A∗ and the transition
path to this equilibrium.

The steady state is determined by Equation (5.5) and, from Equa-
tion (5.7), B′(A∗) + U1f

′(A∗) = 0, which are defined at the equilibrium
level of natural landscape A∗ and exports x∗. The comparative static
effects of a change in p on these equilibrium values are

dx∗

dp
=

(1 + η)δ
∆

> 0,
dA∗

dp
= −(1 + η)γ

∆
< 0, η =

U22px

U2
,

−1 < η < 0, ∆ = αδ − γβ < 0, (5.9)

where α = −(U11 + p2U22) > 0, β = U11f
′(A) > 0, γ = −U11f

′(A) < 0
and δ = U1f

′′(A) + (f ′(A))2U11 + B′′(A) < 0. Note that ∆ is the deter-
minant of the Hessian matrix of coefficients of the totally differenti-
ated equilibrium system. This determinant is negative if αδ < βγ or
−(α/γ) < −(β/δ), which turns out to be a necessary condition for the
equilibrium to be locally stable (a saddle point).4 Finally, η is the elas-
ticity of the marginal utility with respect to imported goods, which
reflects the degree of import dependency of the economy. As Equa-
tion (5.9) shows, under normal import dependency conditions, with
|η| < 1, then we would get the result that a rise in the terms of trade
would lead to more export from development activities in the long run
and a lower steady state level of natural landscape.

The effect of a change in p on the transition path can be determined
qualitatively through the impact on the slope of the optimal conversion

4 See Barbier and Rauscher (1994) for a proof.
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path. The slope of the path in the open economy is similar to that of
the basic model

∂µ

∂A
=
µ̇

Ȧ
=
rµ − B′(A) − U1f

′(A)
−c(µ)

< 0. (5.10)

Although p does not appear directly on Equation (3.12), it does have an
influence on this slope. From totally differentiating Equation (5.5) one
gets dp = [α/(1 + η)]dx + [β/(1 + η)]dA, which implies that a change
in terms of trade has a positive influence on exports and natural land-
scape levels, given normal import dependency conditions. From totally
differentiating (5.7) dµ̇ = rdu − γdx − δdA. Thus a rise in p causes µ(t)
to rise more rapidly over time than along the original path. It follows
from (5.10) that the slope of the optimal landscape conversion trajec-
tory becomes more negative. The initial value of µ must also fall (i.e.,
become more negative). Initial landscape conversion must therefore be
much higher, and then c declines more quickly over time. In Figure 3.1,
compared to the original path, the new trajectory for µ(t) would be
shifted further down. The result is that more depletion of natural land-
scape occurs initially, and because natural landscape area is still fixed
at A0, the result is more conversion of natural landscape in the long
run too. A rise in the terms of trade speeds up initial conversion of the
natural landscape, with less conservation of the ecological landscape in
the long run as well.

5.3 Payment for Ecosystem Services

Now consider the possibility that the economy receives international
payments for foregoing the export earnings that could otherwise be
earned from development activities that require converting natural
landscape. Such compensatory transfers serve indirectly as payment for
ecosystem services, because they essentially subsidize the open econ-
omy to conserve rather than convert natural landscape, thus generat-
ing a greater flow of ecosystem services. Payments for the conservation
of standing forests or wildlife habitat are the most frequent type of
compensation programs used in developing countries, and they have
been mainly aimed at paying landowners for the opportunity costs
of preserving natural landscapes that provide one or more diverse
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services: carbon sequestration, watershed protection, biodiversity ben-
efits, wildlife protection and landscape beauty (Alix-Garcia et al., 2008;
Bulte et al., 2008; Grieg-Gran et al., 2005; Pagiola et al., 2005; Wunder,
2008; Zilberman et al., 2008).

In the open economy model, such international compensation pay-
ments can be represented by an increase in foreign exchange available
to supplement export earnings and thus allow additional imports of
consumer goods; i.e., Equation (5.2) is now

px + s = m, (5.11)

and the economy’s welfare function is

W =
∫ ∞

0
[U(q − x, px + s) + B(A) − C(c)]e−rtdt. (5.12)

The first-order conditions and the long-run steady state equations are
unchanged for the open economy. But a change in international pay-
ments s has the following comparative static effects on the equilibrium
level of natural landscape A∗ and exports x∗

dx∗

ds
=
pU22δ

∆
< 0,

dA∗

ds
= −γpU22

∆
> 0. (5.13)

The effect of an increased payment for ecosystem services is to reduce
long run exports but increase conservation of natural landscape. The
payments substitute for exports and thus reduce the pressure in the
long run to convert more natural landscape for development.

The slope of the optimal conversion path in the open economy is still
determined by Equation (5.10), and as before, dµ̇ = rdu − γdx − δdA.
But now, from differentiating (5.5) but keeping the terms of trade
unchanged, one obtains ds = (α/pU22)dx + (β/pU22)dA, which indi-
cates that an increase in international payments has a negative influ-
ence on exports and natural landscape. Thus a rise in s causes µ(t)
to increase more slowly over time than along the original path, and
from Equation (5.10), the slope of the optimal landscape conversion
trajectory becomes less negative. The initial value of µ must also fall
(i.e., become less negative). Initial landscape conversion is therefore
much lower, and c declines more slowly over time. In Figure 3.1, com-
pared to the original path, the new trajectory for µ(t) would be shifted
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further in. Less depletion of natural landscape occurs initially, and in
the long run less natural landscape is converted too. A rise in interna-
tional payments for ecosystem services slows down initial conversion of
the natural landscape, with the net result of more long run landscape
conservation.

It might be tempting to conclude that, if the world community
wanted to induce the small open economy to conserve more natural
landscape, it could either provide more payment for ecosystem services,
or alternatively, employ trade interventions that lowered the economy’s
terms of trade. However, recall from Section 5.3 that the effects of a
change in p require that the economy have normal import dependency
conditions. If instead |η| > 1, then trade interventions that lower p could
actually produce counter-productive results and lead to more landscape
conversion. More complex open economy models that consider land con-
version often indicate that trade interventions have ambiguous impacts
on conserving natural habitat (Barbier and Schulz, 1997; Bulte and
Barbier, 2005; Hartwick et al., 2001; Jinji, 2006; Polasky et al., 2004;
Smulders et al., 2004). Given such complications associated with trade
interventions, payments for ecosystem services seem to be a preferred
option for encouraging natural landscape conservation.



6
Ecological Collapse

As noted in the introduction, increasingly ecologists have identified
irreversible natural landscape conversion as posing a threat of ecosys-
tem collapse (Busing and White, 1993; Dobson et al., 2006; Lotze et al.,
2006; Peterson et al., 1998; Turner et al., 1993). In this final extension of
the natural asset model, we adopt the hazard rate function approach
of Reed and Heras (1992) to consider this possible risk of ecological
collapse. This approach was approved convenient in environmental and
natural resource economics for a variety of problems in which environ-
mental use could lead to an irrevocable change in the system, such as
a fishery collapse, biological invasion, pollution, species extinction and
risk of forest fire or pest damage (Amacher et al., 2009; Clarke and
Reed, 1994; Knowler and Barbier, 2005; Reed, 1988; Reed and Heras,
1992; Tsur and Zemel, 1994, 2007).

6.1 Extending the Natural Asset Model to Allow for
Ecological Collapse

Consider that the ecosystem is vulnerable to random catastrophic col-
lapse as its landscape is converted irreversibly for development. Up until
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the collapse (if it occurs), the ecological landscape can still be converted
to development activity or left to generate periodic ecosystem service
flow. Thus, the net benefit flows of the allocation of ecological landscape
at time t is

W (A,c, t) = R(A(t)) − C(c(t)) + B(A(t)). (6.1)

As in the basic model, natural landscape conversion is governed by
Equation (3.4), i.e., Ȧ = −c(t). If the instantaneous discount rate is r,
then the expected net present value of the benefit flow gained up until
the time of collapse is

J = E

{∫ τ

0
W (A,c, t)e−rtdt

}
(6.2)

where the expectation is taken with respect to the random variable τ .
Maximizing Equation (6.2) with respect to Equation (3.4) is a stochas-
tic optimization problem, which can be expressed as a problem of deter-
ministic control by following the approach of Reed and Heras (1992)
and introducing a new state variable into the problem.

The probability of collapse can be characterized by a hazard rate
function that specifies the probability that the ecosystem collapses at
time t, given that it has survived so far up to that time. Formally, the
hazard rate can be defined as

h(t) = lim
∆t→0

Pr(t ≤ T < t + ∆t|T ≥ t)/∆t =
f(t)
S(t)

(6.3)

where f(t) is the corresponding density function of the probability
distribution of the duration T of the ecosystem F (t) = Pr(T < t).
The survivor function S(t) is the upper tail of this probability dis-
tribution, and it is the probability that the random variable T will
equal or exceed the value t, or S(t) = 1 − F (t) = Pr(T ≥ t). Note that
the latter survival probability is also related to the hazard function,
i.e., S(t) = exp

{−∫ t
0 h(u)du

}
. The latter expression can be used to

introduce a new state variable

y(t) = − lnS(t) =
∫ t

0
h(u)du. (6.4)
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The probability of ecosystem collapse, and therefore the hazard rate
function, depends inversely upon the remaining ecological landscape
that is not converted, i.e., from Equation (6.4)

ẏ = h(t) = ψ(A(t)), ψ′ < 0, y(0) = 0. (6.5)

Evaluating Equation (6.2) in terms of y(t) yields

J =
∫ ∞

0
W (A,c, t)e−rt−y(t)dt (6.6)

The objective function (6.6) can now be maximized subject to the
dynamic constraints (3.4) and (6.5). This is a standard problem of
deterministic control similar to one that arises if there is no possibility
of collapse, except for the inclusion of a new state variable y(t) related
to the survival function and which operates as a premium added to the
discount rate. Note that e−y(t)is simply S(t) and is often referred to as
the survival probability term.

The current value Hamiltonian is

H = W (A,c)e−y(t) − µ1c + µ2ψ(A), (6.7)

which can be transformed into a conditional current value Hamiltonian
by dividing H by the survival probability e−y(t)

H̃ = W (A,c) − ρ1c + ρ2ψ(A) (6.8)

where ρi = ey(t)µi and H̃ = Hey(t).
The first-order conditions for maximization are

dH̃

dc
=
dHey(t)

dc
= 0 → −C ′(c) = ρ1 (6.9)

ρ̇1 − (δ + ψ)ρ1 =−dH̃
dA

= −dHe
y(t)

dA
→ ρ̇1

=[r + ψ(A)]ρ1 − ρ2ψ
′(A) − R′(A) − B′(A) (6.10)

ρ̇2 − (δ + ψ)ρ2 =−dH̃
dy

= −dHe
y(t)

dy
= W (A,c) → ρ̇2

=[δ + ψ(A)]ρ2 + R(A) + B(A) − C(c) (6.11)

The optimal conversion path c∗(t) maximizes the conditional current-
value Hamiltonian at all t, and can be found by solving the system
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given by conditions (6.9)–(6.10) and the dynamic equations (3.4) and
(6.5). The costate variable ρ1 is the shadow value of an additional
unit of ecological landscape at time t conditional on the ecosystem not
having yet collapsed at this time. As shown by Reed and Heras (1992),
the costate variable ρ2 is defined as ρ2 = ert+y(t)(∂J∗/∂y) = −V (A∗, t),
where J∗ represents the optimal value of (6.6). For the above problem,
ρ2 is therefore the negative of the expected present value at time t of
the remaining optimally managed ecological landscape, given that the
ecosystem has not yet collapsed. Thus V (A∗, t) represents the “value” of
the functioning ecosystem at time t with its landscape area at level A∗.

Interpretation of the first-order conditions is facilitated by compar-
ing them to the case where there is no risk of ecosystem collapse. From
Equation (6.11)

ρ2 =
ρ̇2 − W (A,c)

r̃
, r̃ = (r + ψ(A)). (6.12)

As indicated, by definition, ρ2 < 0 so (6.12) must be negative. Any
change in the costate variable over time must be less than the benefit
flows of the ecological landscape at time t as represented byW (A,c, t) =
R(A(t)) − C(c(t)) + B(A(t)). Both of the values on the right-hand side
of Equation (6.12) are adjusted by the effective discount rate r̃, which
includes the risk “premium” for the threat of collapse ψ(A). Note that
this premium implies that the effective discount rate rises as more eco-
logical landscape is converted over time.

From Equations (6.9) and (6.10) and using −R′(A) = R′(D) for
annual periodic rent from developed land use

−R′(A) − r̃C(c) = R′(D) − r̃C(c) = B′(A) + ρ̇1 + ρ2ψ
′(A) (6.13)

and

−ρ1 =
R′(D)
r̃

−
[
B′(A) + ρ̇1

r̃
+
ρ2ψ

′(A)
r̃

]
= P (D) − P (A) = C ′(c).

(6.14)
Expression (6.13) indicates that, once again, along the optimal land-
scape conversion path the returns from the two competing land uses
must be equal. The marginal profits from development less conversion
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costs R′(D) − r̃C(c) must just equal the marginal benefit of holding
on to the ecological landscape B′(A) + ρ̇1 + ρ2ψ

′(A). Of course now,
the risk premium for collapse raises the effective discount rate and thus
marginal conversion costs, r̃C ′(c), as more landscape is converted. In
addition, the benefits of holding on to landscape include the impact
of more conversion on raising the risk of collapse, ρ2ψ

′(A). The latter
impact is positive, implying that one would want to avoid converting
more ecological landscape because it would increase the risk of col-
lapse, which is valued in terms of the expected present value at time
t of the remaining functioning ecosystem ρ2. The change in the (con-
ditional) shadow value of a unit of landscape ρ̇1 is positive and is also
augmented by the growing risk of collapse from landscape conversion,
since ρ1 = ey(t)µ1. Overall, Equation (6.13) implies that, with the threat
of collapse posed by irreversible development of ecological landscape,
along the optimal path of landscape conversion more of the ecological
landscape will be preserved compared to when the threat is absent.

Expression (6.14) indicates that the difference between the capital-
ized marginal value of developed land and land retained as ecological
landscape is again the marginal cost of converting landscape. However,
the capitalized value of both land uses is determined by the effective
discount rate, and thus lowered by the risk premium due to the threat
of ecosystem collapse. In addition, the “price” of ecological landscape
includes an additional term that, as in (6.13), reflects the impact of con-
version on the increasing probability of collapse ρ2ψ

′(A). The effect of
this additional term plus the change in the (conditional) shadow value
of a unit of landscape ρ̇1 is to increase the value of ecological landscape,
P (A). The result is that the difference in land prices between developed
and ecological land will be lower than in the case without the threat
of ecosystem collapse, and thus the optimal path for land conversion
c∗(t) is lower.

In the long run, ρ̇1 = ρ̇2 = Ȧ = 0. It follows from Equations (3.4)
and (6.9) that both landscape conversion and the marginal (condi-
tional) value of an additional unit of ecosystem landscape approach zero
asymptotically, i.e., c = 0 and limt→∞ ρ1(t) = Cc(0) = 0. The wedge
between land prices will disappear, P (D(t)) = P (A(t)), and ecosystem
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Fig. 6.1 Optimal landscape conversion with a threat of ecological collapse.

landscape area will converge to a steady state level A∗. However, from
Equation (6.14), this steady-state outcome implies

P (D∗) = P (A∗) =
[
B′(A∗)
r̃

+
ρ2ψ

′(A∗)
r̃

]
, ρ2 = −W (A∗). (6.15)

Assume once again that the initial ecological landscape area is large
A(0) > A∗. From Equation (6.9), along the transition path to the long
run steady state, the marginal value of an additional unit of natural
landscape, conditional on the ecosystem not yet collapsed, is negative
ρ1 < 0. As in the case of no threat of collapse, this conditional shadow
value is rising, i.e., ρ̇1 > 0. Thus, optimal landscape conversion is ini-
tially large but falls over time. However, Equations (6.13) and (6.14)
indicate that, along the optimal path of landscape conversion, more
of the ecological landscape will be preserved compared to when the
threat of collapse is absent, and thus the optimal path for land con-
version c∗(t) is lower due to the presence of the hazard. Finally, the
steady-state level of natural landscape A∗ is also larger compared to
the case of no ecological collapse, as indicated by Equation (6.15).

The outcome for the optimal landscape conversion path with a risk
of ecological collapse is depicted in Figure 6.1.



7
Conclusion

The purpose of this review has been to demonstrate that, by drawing
on the recent literature on ecosystem services, it is possible to view
ecological landscapes as natural assets that produce a flow of benefi-
cial goods and services over time. The resulting problem of converting
natural landscape or maintaining it to provide ecosystem services was
expressed in terms of an economic model of competing land use. The
basic natural asset model was used to illustrate a one-time irreversible
development of an ecological landscape as well as continuous conversion
over time. The basic model was also extended to include the possibil-
ity of an ecological transition, when it becomes technologically feasible
to restore developed land as ecological landscape. Further extensions
addressed how geographical variation in ecological functions affect the
location and extent of natural landscape conversion in an ecosystem;
how introducing open economy conditions allows consideration of terms
of trade effects and international payment for ecosystem services; and
finally, how irreversible landscape conversion poses a threat of ecosys-
tem collapse.

Although the natural asset model and its extensions considered here
are fairly simple and thus only illustrative, they nonetheless point to a
number of important areas for further research.
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First, correctly valuing non-market ecosystem services is essential
for determining the optimal allocation of landscape among compet-
ing uses. By failing to value the services of ecosystems, then ecological
landscapes will be undervalued as natural assets, and the result will
be excessive conversion. If this loss is irreversible, then this problem is
exacerbated, leading to higher user costs due to rising scarcity value of
future ecosystem benefits. As we saw in Section 2.3 with the example of
mangrove deforestation in Thailand by shrimp aquaculture, valuation
of two important non-market ecosystem services, coastal storm protec-
tion and habitat-fishery linkages, is critical to determining mangrove
land use decisions.

Second, for an ecological transition to occur, restoration must be
technological feasible and that the value of a restored ecological land-
scape must be sufficient to justify the costs of restoration. The result is
that there may be distinct phases of ecological land use, where there is
an initial phase irreversible landscape conversion takes place followed
by a new phase where restoration is technically and economically feasi-
ble. Such an outcome is supported by the empirical literature on some
key ecosystems, and warrants further exploration by economists as to
the implications for policies to encourage optimal conservation and use
of natural landscapes.

Third, although economists have been developing spatial models of
natural resource management, consideration of how the spatial hetero-
geneity of natural landscapes influences the provision of ecological func-
tions and their services is a relatively new area in economics. Increas-
ingly, economists have taken note of how the spatial variability of costs
across heterogeneous landscapes can influence the decision as to how
much land area to protect, which landscapes to include cost-effectively
for achieving overall conservation targets, and the selection of alter-
native possible sites for protected areas. The next stage is to examine
further how spatially heterogeneous landscapes influence the provision
of ecosystem benefits, thus helping to identify the important biophys-
ical and economic attributes of each landscape parcel in each location
to optimize conservation decisions across ecological landscapes.

Fourth, many of the land development pressures on ecological land-
scapes are occurring through the need for developing economies to earn
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foreign exchange earnings. As explored in this review, both changes in
the terms of trade and international payment for ecosystem services
can influence land conversion decisions in such circumstances. More
economic empirical and analytical studies are needed to verify the con-
ditions under which an open economy is likely to conserve rather than
convert natural landscape, thus generating a greater flow of ecosystem
services.

Finally, large shocks or sustained disturbances to ecosystems can set
in motion a series of interactions that can breach ecological thresholds
that cause the systems to “flip” from one functioning state to another.
Irreversible land conversion is now recognized as a major factor inhibit-
ing the ability of an ecosystem to recover, or return, to its original state.
The causes and consequences of ecological collapse have been studied
by ecologists for some time, and increasingly, economists are becom-
ing interested in how the threat of collapse affects the management of
ecosystems as natural assets.
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